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Metal equilibration and bioavailability in laboratory-contaminated (spiked) 
sediments used for the development of whole-sediment toxicity tests 
Abstract 
The equilibration and bioavailability of metals in laboratory-contaminated sediments has been 
investigated in order to provide better guidance on acceptable procedures for spiking sediments with 
metals for use in the development whole-sediment toxicity tests. The equilibration rates of Cd, Cu, Ni and 
Zn spiked into three estuarine surface sediments with varying properties were investigated. Changes to 
sediment pH, redox potential, porewater and acid soluble metals, acid-volatile sulfide and bacterial 
activity during equilibration, effects of temperature and disturbances following equilibration are reported. 
The addition of metals to sediments caused major decreases in pH and increases in redox potential as 
metals displaced iron(II) into the porewaters and both added metals and iron (following oxidation) were 
hydrolyzed. Equilibration rates of porewater metals varied considerably and were dependent on sediment 
and metal properties. For the oxic/sub-oxic sediments studied, metal spikes of Cd, Cu, Ni and Zn 
appeared near equilibrium after 25-45, 10-15, 30-70 and 20-40 days respectively. Acid-soluble metal 
concentrations decreased during the equilibration period indicating the metals become more strongly 
associated with the sediments with time (less bioavailable). Both the addition of metals to sediments and 
incubation (conditioning) of sediments caused changes to bacterial activity. Spiked sediments were 
shown to equilibrate more slowly at lower temperatures resulting in high porewater metal concentrations. 
Disturbances to equilibrated sediments caused by sample manipulation caused significant iron(II) 
oxidation and losses of metals from porewaters. The importance of documenting spiking and 
equilibration procedures and carefully measuring and reporting sediment parameters is highlighted so 
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Abstract—  1 
The equilibration and bioavailability of metals in laboratory-contaminated sediments has been 2 
investigated in order to provide better guidance on acceptable procedures for spiking sediments with 3 
metals for use in the development whole-sediment toxicity tests.  The equilibration rates of Cd, Cu, Ni 4 
and Zn spiked into three estuarine surface sediments with varying properties were investigated.  5 
Changes to sediment pH, redox potential, porewater and acid soluble metals, acid-volatile sulfide and 6 
bacterial activity during equilibration, effects of temperature and disturbances following equilibration 7 
are reported.  The addition of metals to sediments caused major decreases in pH and increases in redox 8 
potential as metals displaced iron(II) into the porewaters and both added metals and iron (following 9 
oxidation) were hydrolyzed.  Equilibration rates of porewater metals varied considerably and were 10 
dependent on sediment and metal properties.  For the oxic/sub-oxic sediments studied, metal spikes of 11 
Cd, Cu, Ni and Zn appeared near equilibrium after 25-45, 10-15, 30-70 and 20-40 days respectively.  12 
Acid-soluble metal concentrations decreased during the equilibration period indicating the metals 13 
become more strongly associated with the sediments with time (less bioavailable).  Both the addition 14 
of metals to sediments and incubation (conditioning) of sediments caused changes to bacterial activity.  15 
Spiked sediments were shown to equilibrate more slowly at lower temperatures resulting in high 16 
porewater metal concentrations.  Disturbances to equilibrated sediments caused by sample 17 
manipulation caused significant iron(II) oxidation and losses of metals from porewaters.  The 18 
importance of documenting spiking and equilibration procedures and carefully measuring and 19 
reporting sediment parameters is highlighted so that contaminant bioavailability and exposure 20 
pathways can be interpreted and organism sensitivity accurately determined. 21 
 22 




1 Introduction 1 
Whole-sediment toxicity tests are increasingly being used in ecological risk assessments to 2 
determine risk of harm to organisms caused by contaminants in sediments (Luoma and Ho, 1993; 3 
Ingersoll, 1995; Bat and Raffaeilli, 1998).  Criteria used to select species for tests include organism 4 
availability, tolerance to handling and abiotic factors, relevance, behaviour and sensitivity to 5 
contaminants.  The accuracy of toxicity test data interpretation requires both a good understanding of 6 
the sensitivity of test species to different sediment contaminants and of the chemistry of the sediments 7 
being tested (Louma and Ho, 1993; Burton, 1995; Batley et al., 2002; Simpson and Batley, 2003). 8 
To determine the sensitivity of a test species to a target contaminant, it is necessary to develop 9 
concentration-response relationships using sediments for which the effects of the target contaminant 10 
can be isolated from effects caused by other stressors (Louma and Ho, 1993).  While some naturally 11 
contaminated sediments may be available with predominantly single contaminants, e.g. isolated mine 12 
or industry operations, the majority of contaminated sites contain mixtures of contaminants (e.g. 13 
metals and PAHs). 14 
To aid the development of concentration-response relationships, artificial concentration gradients 15 
of contaminants are often created in sediments to assess the test organisms sensitivity (Louma and Ho, 16 
1993; Berry et al., 1996; Bat and Raffaelli, 1998).  While some guidance has been given on procedures 17 
for 'spiking sediments' (ASTM, 1994; USEPA, 2001; Batley et al., 2002), in many past studies the 18 
procedures used for sediment spiking have been inadequate or information relating to the procedure 19 
not reported.  The majority of past studies using metal-spiked sediments have been for evaluating the 20 
equilibrium partitioning theory based on the strong binding of sulfide (AVS) in sediments (Di Toro et 21 
al., 1992; Berry et al., 1996; Simpson et al., 2000).  In whole sediment toxicity tests, however, surface 22 
sediments are usually tested and are generally low in sulfide (Luoma and Ho, 1993; Ingersoll, 1995; 23 
Bat and Raffaelli, 1998).  Therefore, metal-spiked sediment preparations for toxicity test development 24 
purposes should attempt to mimic the lower sulfide conditions present in naturally contaminated 25 
surface sediments. 26 
It is well understood that metals added to sulfidic sediments bind strongly with sulfide phases and 27 
low porewater metal concentrations are attained after short equilibration periods (Di Toro et al., 1992; 28 
Berry et al., 1996; Simpson et al., 2000).  However, the reactive sulfide available in surface sediments 29 
for metal sequestration may be quickly saturated and added metals will precipitate as hydroxy-30 
carbonate phases, adsorb to Fe- or Mn-(hydr)oxide or particulate organic carbon or remain as soluble 31 
species in the porewaters (Chapman et al., 1998).  Because the binding strength of these phases is 32 
much weaker than sulfide phases, the metal-spiked sediments will equilibrate more slowly and final 33 
porewater concentrations will be much higher when insufficient sulfide is present to strongly bind 34 
metals. 35 
The time required for sediment equilibration following additions of metals to sediments is poorly 36 
documented.  It is commonly reported that spiked sediments used in toxicity tests have abnormally 37 
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high porewater concentrations compared to concentrations measured at contaminated sites with similar 1 
levels of sediment contamination (Bat and Raffaelli, 1998).  Insufficient equilibration time also results 2 
in high fluxes of metals from sediments to overlying waters.  Abnormally high concentrations in 3 
porewaters and overlying waters will result in these exposure pathways being favoured and miss-4 
interpretation of the sensitivity of organisms to sediment toxicants.  5 
Poor handling of sediments can result in large changes to contaminant speciation (Thomson et al., 6 
1980; Burton, 1995; Bull and Williams, 2002; Simpson and Batley, 2003).  Exposure to the air 7 
increases oxygen penetration, alters bacterial activity and causes oxidation porewater species.  8 
Sediment storage and manipulation (mixing of redox-stratified sediments), before testing also results in 9 
large changes to speciation.  The time required for equilibrium to be re-established following 10 
disturbances to 'equilibrated' metal-spiked sediments is also poorly understood. 11 
This study is an attempt to better understand the processes that effect the equilibration and 12 
bioavailability of metals in laboratory-contaminated sediments in order to provide better guidance on 13 
acceptable procedures for spiking sediments with metals for use in the development whole-sediment 14 
toxicity tests.  Specific questions addressed were, what are realistic equilibration times for metal-15 
spiked sediments, what changes occur to sediment pH, redox potential, bacterial activity and 16 
porewater constituents following addition the of metals to sediments and during equilibration, what 17 
effect does temperature have on equilibration rates and what changes occur when equilibrated, 18 
artificially contaminated, sediments are manipulated prior to testing.  Three estuarine surface 19 
sediments with varying physical and chemical properties were investigated.  Metals included Cu and 20 
Zn individually and mixtures of Cd, Cu, Ni and Zn.  The results are discussed in terms of the how 21 
metal-spiking procedures and sediment manipulation modify our interpretation of species sensitivity 22 
(to metals) in whole-sediment toxicity tests. 23 
 24 
2 Materials and methods 25 
2.1 General methods and reagents 26 
 All glass and plasticware was cleaned by soaking in 10% (v/v) HNO3 (Trace Pur, Merck, 27 
Darmstadt, Germany) for >24 h followed by three rinses with deionised water (Milli-Q, Millipore, 28 
Sydney, Australia).  All laboratory-ware used for dissolved metals sampling and analysis was cleaned 29 
in a Class-100 laminar flow cabinet (metal-free HWS, Clyde-Apac, Sydney, Australia).  All chemicals 30 
were analytical reagent grade or equivalent analytical purity.  Deoxygenated waters were prepared by 31 
bubbling solutions with high purity oxygen-free nitrogen gas for >8 h to give dissolved oxygen 32 
concentrations <0.1 mg L-1.  The pH of deoxygenated seawater was adjusted in the range pH 7-8.2 by 33 
bubbling solutions with a mixture of high purity oxygen-free nitrogen and carbon dioxide gases using 34 
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a mass flow controller to adjust gas ratios (Model 5876-2, Brooks Instrument B.V., Veenendaal, 1 
Holland). 2 
 Measurements of pH (calibrated against pH 4 and 7 pH buffers, Orion Pacific, Sydney, 3 
Australia) and redox potential (versus the standard hydrogen electrode) used a pH meter (pH 320, 4 
Wissenschaftlich-Technische Werkstättan (WTW), Weilheim, Germany) equipped with combination 5 
pH (Sure-flow 9165BN, Thermo Orion, Beverley, MA, USA) or redox (Model 6.0412, Metrohm, 6 
Herisau, Switzerland) probes.  pH measurements were made on porewaters immediately following 7 
isolation.  Redox measurements were made when stable potentials were achieved 1-2 min after 8 
insertion of the probe into the top 5 mm of the test sediment. 9 
 Procedures for sediment organic carbon (loss-on-ignition) and size fractionation determinations 10 
have been described previously (Simpson et al., 1998).  Acid-volatile sulfide (AVS) was determined 11 
according to Simpson (2001).  Dissolved sulfide was measured colorimetically according to Cline 12 
(1969).  Fluorescein diacetate hydrolysis, measured according to the method of Schnürer and Rosswall 13 
(1982), was used as an estimate of bacterial activity.  Acid-soluble metals (ASM) were determined by 14 
shaking wet sediment in 0.2% HNO3 for 5 min, followed by sample filtration.  Dissolved metal 15 
concentrations were determined by inductively coupled plasma atomic emission spectrometry (ICP-16 
AES) (Spectroflame EOP, Spectro Analytical Instruments, Kleve, Germany) calibrated with matrix-17 
matched standards according to Simpson et al. (2002).  High-purity Milli-Q deionised water (18 18 
M·cm) was used to dilute analysis solutions. 19 
 Clean seawater was collected from Cronulla, NSW, Australia.  Sediments for spiking 20 
experiments were collected at low tide from (i) Bonnet Bay (BB), Woronora River, (ii) Gray's Point 21 
(GP), Port Hacking estuary, and (iii) the Shoalhaven River (SR) (all NSW, Australia).  Sediments 22 
were stored in the dark at 4ºC for a maximum of 7 days prior to use.  Sediment porewaters were 23 
extracted using the procedure described by Simpson et al. (2002).  In this procedure, sediment samples 24 
were centrifuged (5 min, 3000 rpm) under a nitrogen atmosphere followed by membrane filtration 25 
(0.45 µm) of the displaced porewater. 26 
 27 
2.2 Sediment-spiking procedures 28 
 In all experiments, metal-spiked sediments were initially prepared in 1 L Nalgene bottles 29 
(Biolab, Sydney, Australia) and mixed by homogenisation using a plastic spatula or by rolling on a 30 
purpose-built bottle roller.  All manipulations to sediments were performed in a nitrogen filled glove 31 
box and the head-space of sediment containers were purged with nitrogen before closing.  32 
Sediment(wet):seawater ratios of 4:1 (weight:weight) were used in all experiments except for 33 
experiments where sediment:water ratios were investigated.  Metals were spiked into sediments as 1-5 34 
g/L sulfate salts solutions prepared in seawater. 35 
 The metal-spiked sediments were equilibrated in the preparation bottle or following transfer to 36 
centrifuge tubes (Cellstar, Greiner Labortechnik, Germany).  In all experiments, a small layer of water 37 
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formed over the sediments due to settling of mixed sediments during the equilibration period.  For the 1 
sediments equilibrated in bottles, the porewaters were isolated after briefly shaking the bottles and 2 
transferring to centrifuge tubes for porewater isolation.  For the sediments equilibrated in centrifuge 3 
tubes, porewaters were a combination of the overlying water (<10%) and porewater extracted during 4 
the centrifugation process. 5 
 Shaking sediments in oxygenated waters stimulates the bacterial oxidation of sediment-6 
porewater components (e.g. iron(II), FeS, organic matter) and often causes the pH to decrease (van 7 
Cappellen and Gaillard, 1996; Simpson and Batley, 2003).  The extent of pH change caused by mixing 8 
oxygenated or deoxygenated seawater with sediments at sediment:water ratios of 1:1, 2:1, 4:1, 10:1 9 
was investigated. 10 
 The addition of metals to sediments causes the pH to drop and redox potential to rise due to the 11 
hydrolysis of added metals, the displacement of protons from particulate organic matter and mineral 12 
metal-binding sites, and the oxidative hydrolysis of displaced iron(II) (Simpson et al., 2000).  The pH 13 
and redox potential changes associated with addition of Na, Mg, Cu and Zn to sediments was 14 
investigated for metal concentrations of 0 to 4000 µg/g.  Spiked-sediments were homogenizing using a 15 
plastic spatula and pH and redox measurements were made at times of 0.5, 5 and 24 h after metal 16 
addition. 17 
 The time required for equilibration of added metals will be affected by the sediment properties, 18 
equilibration pH and the concentration and properties of the metal (Chapman et al., 1998; Simpson et 19 
al., 2000; Bull and Williams, 2002).  Metals were spiked into 1-2 kg of sediments to give metal 20 
concentrations of 2000 µg Cu/g, 4000 µg Zn/g, or mixtures of Zn/Cu/Ni/Cd at 'high' 21 
(4000/2000/800/400 µg/g respectively), 'medium' (½ high, i.e. 2000/1000/400/200) or 'low' (¼ high) 22 
concentrations.  The choice of metal concentrations were to both mimic concentrations at highly 23 
contaminated sites and allow comparison of equilibration rates between the different metals.  The 24 
concentrations of nickel and cadmium in the high and medium treatments were much higher than that 25 
expected at even highly contaminated sites, but are lower than what is often spiked into sediment for 26 
studies (Di Toro et al., 1992; Berry et al., 1996; Hagopian-Schletkat et al., 2001). 27 
 The metal-spiked sediments were prepared in triplicate and the pH was either not adjusted 28 
(allowed to decline to near pH 6), neutralized to pH 7 (pH of natural sediment) or neutralised to pH 8 29 
(pH of overlying seawater) using additions of 1 M NaOH prepared in seawater.  The pH adjustments 30 
were made immediately after metal additions.  Bottles of spiked sediments were mixed by rolling for 31 
48 h and then final pH adjustments were made.  Half of the mixed sediment from each bottle was used 32 
to fill a sufficient number of centrifuge tubes to allow 1-2 tubes to be analysed at each equilibration 33 
period.  All sediments (bottles and tubes) were allowed to equilibrate undisturbed in the nitrogen glove 34 
box for 60 days, during which period measurements were made of porewater metals, acid-soluble 35 
metals, bacterial activity, AVS, pH and redox potential on randomly selected centrifuge tubes or bottle 36 
sub-samples. 37 
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 The effect of temperature on the equilibration processes was investigated by comparing results 1 
for identical experiments equilibrated at room temperature (18-25ºC) and 4ºC.  The sediments (BB and 2 
GP) were spiked to give metal concentrations of 2000, 1000, 500, 500 µg/g Zn, Cu, Ni and Cd 3 
respectively and neutralised to pH 7.  The sediments were allowed to equilibrate in centrifuge tubes in 4 
an air atmosphere for 21 days.  Measurements were made of porewater metals on randomly selected 5 
tubes during this period. 6 
 The effect of homogenisation of equilibrated sediments on porewater metal concentrations was 7 
investigated for metal-spiked BB and GP sediments (2000/1000/500/500 µg/g Zn/Cu/Ni/Cd) 8 
equilibrated at pH 6.5, 7.0, 7.5 and 8.0.  The sediments were allowed to equilibrate in centrifuge tubes 9 
in the nitrogen glove box for 1-21 days.  Measurements of porewater metals were made on randomly 10 
selected tubes before and 24-h following homogenization (5 min) where fresh SW was added to 11 
replace the porewater removed (~ 7 mL). 12 
 13 
3 Results and discussion 14 
3.1 Sediment properties 15 
  The physical and chemical measurements on the collected sediments are summarized in Table 1.  16 
The pH of the three sediments ranged from 7.0 to 7.4 and redox potentials from 40 to -90 mV 17 
indicating that the sediments were anoxic but probably not undergoing significant sulfate reduction 18 
(Stumm and Morgan, 1996; van Cappellen and Gaillard, 1996).  Porewater sulfide concentrations were 19 
<3 µg/L for all sediments.  The BB sediment was a silt (96% <63 µm) with high organic carbon 20 
(11.8%) and high dissolved and acid-extractable iron concentrations.  The SR sediment had a greater 21 
proportion of larger particles (65% >180 µm, 12% >600 µm) and had 5-8 µmol/g AVS as an 22 
additional metal-binding phase to the organic and iron components.  The GP sediment had the greatest 23 
amount of sand (57% >600 µm) and had the lowest organic carbon and iron concentrations.  The metal 24 
binding capacities of the BB and SR sediments were expected to be greater than the GP sediment.  25 
 26 
3.2 pH and redox changes associated with sediment mixing and metal additions 27 
 The mixing of oxygenated seawater with sediments or shaking of sediment-water mixtures in air 28 
caused the pH to decrease (Figure 1).  The extent of the pH decrease appeared independent of the 29 
sediment:water ratio and was believed to be caused by proton release associated with oxidation of 30 
sediment-porewater iron(II) and organic matter (van Cappellen and Gaillard, 1996). 31 
 In Figure 2, the pH and redox potential (Eh) changes caused by metal additions to the three 32 
sediments are shown.  The pH changes after 5 h was within 0.1 pH unit of the pH measured after 30 33 
min and 24 h respectively.  The decrease in sediment-porewater pH caused by the metal additions is 34 
associated with the hydrolysis of the added metal ion, with copper undergoing stronger hydrolysis and 35 
zinc, while magnesium and sodium are only very weakly hydrolysed (pK's = 7.5 (Cu), 9 (Zn), 11.4 36 
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(Mg) and >14 (Na) (Stumm and Morgan, 1996)).  The displacement of iron(II) into porewaters and its' 1 
subsequent oxidation and hydrolysis may also contribute to the associated pH drop (van Cappellen and 2 
Gaillard, 1996; Simpson and Batley, 2003).  The capacity of the BB sediment to buffer the pH and Eh 3 
changes was greater than that of GP and SR sediments (near identical responses), and in probably due 4 
to the much greater silt and iron contents of the BB sediment (Table 1).  For all the metal-spiked 5 
sediments, there was a linear relationship between the decreasing pH and increasing Eh caused by the 6 
metal additions (pH = -0.0067·Eh + 7.677, r = -0.969, p <0.01).  This is consistent with previously 7 
observed relationships for marine sediments (Zobell, 1946).  8 
 9 
3.3 Equilibration of metal-spiked sediments 10 
Porewater metal, pH and Eh measurements made on sediments equilibrated in 50-mL centrifuge 11 
tubes and identical sediment preparations equilibrated in 1-L bottles (then transferred to centrifuge 12 
tubes immediately before measurements) were not statistically different (p<0.01).  This indicated that 13 
the process of transferring sediment from bottle to centrifuge tube did not significantly disturb the 14 
porewater equilibration. 15 
  The variation between analyses of porewater metals and pH on duplicate equilibration samples 16 
(duplicate centrifuge tubes or duplicates samples from bottles) was generally less than 10% and never 17 
greater than 30% except for porewater iron (10-50% variation) and when porewater metal 18 
concentrations were below 20 µg/L. 19 
 20 
pH and redox potential 21 
 During the 60-day equilibration period, the pH of the metal-spiked sediments remained largely 22 
constant, usually staying within 0.2 pH units of the pH observed one day after metal addition (data not 23 
shown).  For all sediments, the redox potential (Eh) increased following metal addition then decreased 24 
during the equilibration period (Figure 3).  Greater metal additions caused greater increases in Eh and 25 
a slower rate of re-equilibration to lower Eh during the equilibration period.  The Eh of sediments 26 
equilibrated at pH 8 decreased at a faster rate than those at pH 7, while the Eh of sediments at pH 6 did 27 
not decline significantly during the equilibration period (data not shown). 28 
 29 
Porewater iron 30 
 Large amounts of dissolved iron were displaced into the porewaters following metal-spiking.  31 
For the metal-spiked BB, GP and SR sediments equilibrated at pH, porewater iron concentrations of 32 
200/140/30, 7/6/6, 50/160/25 mg/L respectively (high/medium/low mixed-metal spikes) were 33 
measured 24 h after spiking.  During the equilibration period, porewater iron concentrations as high as 34 
800 mg/L were measured (SR sediment on day 13 of equilibration at pH 6), indicating that iron 35 
displacement reactions continued throughout the equilibration period.  Because of the oxidation of 36 
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iron(II), porewater iron concentrations were lower for the higher equilibration pH (e.g. <20 µg/L in 1 
pH-8 experiments after 24 h) (Simpson and Batley, 2003). 2 
 For the metal-spiked sediments equilibrated at pH 8, porewater iron concentrations increased 3 
during the equilibration period (Figure 3).  Generally, porewater iron concentrations did not increase 4 
when Eh was >150 mV.  For the pH-8 experiments, the log of the porewater iron concentration was 5 
inversely correlated with the sediment Eh (log(porewater iron, mol/L) = -9.94·Eh -4.63 (V), r = -0.919, 6 
p<0.01), regardless of the sediment properties (BB, GP, SR), concentration or type of metal added or 7 
equilibration time. 8 
 At each equilibration pH, porewater iron concentrations were dependent on the sediment 9 
properties and increased in the order GP<<BB<SR.  For the SR sediment, iron displacement was 10 
expected to occur from the FeS fraction of the sediment, however this iron source would account for 11 
<10% of the displaced iron that was measured at pH 6.  The BB sediment had minimal no FeS (AVS).  12 
For all sediments, the major source of the displaced iron was probable iron(II) adsorbed to organic and 13 
iron hydroxides phases (Appelo et al., 2002). 14 
 15 
Porewater metals 16 
 Porewater metal concentrations of Cd, Cu, Ni and Zn in the all metal-spiked sediments 17 
generally appeared near equilibrium after 25-45, 10-15, 30-70 and 20-40 days respectively.  Relative 18 
to porewater concentrations after 24 h, equilibration rates for Cd, Ni and Zn were faster at higher 19 
equilibration pH and lower the metal-spike concentrations (Figures 4a,b).  For the different metals, 20 
porewater equilibration rates were Cu>>Zn>Cd>>Ni (Figure 4b).  At each pH and metal 21 
concentration, the relative equilibration rates (all metals) for porewater metals in the different 22 
sediments decreased in the order SR>BB>>GP (Figure 4c). 23 
 For equivalent amounts of added metals, throughout the equilibration period porewater metals 24 
concentrations were much higher for Zn than Cu (Figure 5a), higher for Cd than Ni (Figure 5b) and 25 
higher in the GP sediments then the BB and SR sediments (Figure 5a,b).  Porewater Ni and Zn 26 
concentrations were lower in the BB sediment than in the SR sediment, while the reverse was 27 
observed for Cd.  Following Cu-spiking, porewater copper was greatest in the GP sediments, low (<20 28 
µg/L) in the SR sediments, and at intermediate concentrations in the BB sediments. 29 
 The affinity of the three sediments for the metals Cd, Cu, Ni and Zn reflected the different 30 
binding phases present in the sediments.  The iron, organic matter and sulfide concentrations were low 31 
in the GP sediment and high in the SR sediment and could be expected to create low and high metal 32 
 10
binding capacities respectively (Table 1).  The BB sediment had the highest concentrations of iron and 1 
organic matter and highest density of fine particles and had a high affinity for all metals.  The 2 
significant reactive sulfide (AVS) concentration of the SR sediment, however, provides stronger 3 
binding sites for the metals Cd and Cu then were available in the BB sediment (which had negligible 4 
AVS). 5 
 For many days following metal spiking, the porewater concentrations of Cu, Ni and Zn in some 6 
BB and GP sediments indicated saturation with respect to the solubility of basic solid phases (e.g. 7 
hydroxides) that would form in seawater (MineqL+, 1998).  The maximum solubility of the metals Cd, 8 
Ni, Zn and Cu in seawater are approximately 807, 8.8, 7, and 0.4 mg/L at pH 8 and >1000, 33, 36, and 9 
0.5 mg/L at pH 7.  For copper, although the highest porewater concentrations were observed at pH 6, 10 
porewater concentrations were often higher at pH 8 than pH 7 for the BB and GP sediments.  This 11 
indicated that kinetic constraints limited the formation of precipitation products or large qualities of 12 
colloidal material had formed.  Metal hydrolysis reactions following neutralization of sediments with 13 
NaOH (occurring most in the pH-8 experiments) may contribute significantly to this apparent non-14 
equilibrium.  To minimize this effect, it is recommended that added copper be allowed to equilibrate 15 
with the sediments (for several hours) before the pH is neutralized by addition of NaOH. 16 
 17 
Acid-soluble metals 18 
 Acid-soluble metal (ASM) concentrations (5 min extraction in 0.2% HNO3) decreased during 19 
the equilibration period for the pH-8 experiments.  For the pH-6 and pH-7 experiments, only ASM-Cu 20 
decreased during the equilibration period, while the other metals showed no clear trend.  For the three 21 
sediments, ASM concentrations of Cd, Ni and Zn decreased in the order GP>SR>BB.  ASM-Cu 22 
concentrations decreased in the order GP>BB>SR, consistent with the higher AVS concentration of 23 
the SR sediment.  ASM-Fe showed the reverse trend.  This is consistent with displacement of iron 24 
from FeS phases following metal additions to the SR sediment, and the CuS that formed was insoluble 25 
in 0.2% HNO3 (Simpson et al., 1998).   26 
 For the sediments equilibrated at pH 8, highly significant correlations (p<0.01) were observed 27 
between porewater and acid-soluble concentrations of Cd, Ni, Cu and Zn in the BB sediments (r = 28 
0.943, 0.901, 0.922, 0.806 respectively), Cd and Ni in the GP sediments (r = 0.964, 0.854) and Ni in 29 
the SR sediments (r = 0.883).  Poor relationships were observed for Cu and Zn (r <0.7, p>0.1) for GP 30 
and SR sediments.  No significant relationships were observed between acid-soluble and porewater 31 
metals at pH 6 or 7 or for iron at any pH.  Distribution coefficients, Kd (L kg-1), between acid-soluble 32 
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and porewater Ni and Zn for the BB, GP and SR sediments were 470, 220, 1270 (Ni) and 2070, 500, 1 
4320 (Zn) respectively.  This was consistent with the suggested binding affinities of the three 2 
sediments, SR>BB>>GP. 3 
 4 
Acid-volatile sulfide 5 
 In the zinc-spiked sediments, acid-volatile sulfide (AVS) concentrations showed no trend for the 6 
SR (2-10 µmol/g) and GP (1-4 µmol/g) sediments, but increased from <0.05 to 5 µmol/g for the zinc-7 
spiked BB sediment over the 60-day equilibration period.  The increase in the AVS concentration of 8 
the BB sediment indicated that sulfate reducing bacteria were active in this sediment, despite the large 9 
amount of iron (SEM-Fe >6000 µg/g, assumed to be predominantly iron hydroxide phases) that was 10 
expected to be available for reduction. 11 
 In the copper and mixed-metals spiked sediments, AVS concentrations were below detection for 12 
the BB and GP sediments, however for the SR sediment, 1-3 µmol/g AVS was measured during the 13 
equilibration period.  Copper has been shown to form of copper sulfide phases that are not soluble in 14 
the AVS extraction (1 M HCl) (Simpson et al., 1998).  The measurement of AVS in the copper-spiked 15 
SR sediment indicated that the added copper had not reacted with the AVS (FeS) in this sediment.   16 
This may be due to the rapid formation of copper-hydroxide precipitates, when the hydroxide was 17 
added for pH neutralization (immediately after addition of the copper). 18 
 19 
Bacterial activity 20 
 Fluorescein diacetate hydrolysis, which is catalyzed by esterase enzymes in the majority of 21 
bacteria, was used as an assay for bacterial activity in the sediments (Schnürer and Rosswall, 1982; 22 
Hoppe et al., 2002).  Although bacterial activity (FDA hydrolysis) often showed a trend for each 23 
experiment over the equilibration period, no major trend was observed between each sediment type or 24 
concentration of metal added (Figure 6).  FDA hydrolysis was, however, always lowest for sediments 25 
equilibrated at pH 8 and generally greater at pH 7 than at pH 6.  Bacterial activity, as measured by 26 
FDA hydrolysis, did not appear to be related to either sediment Eh or porewater iron concentrations. 27 
Verrhiest et al. (2002) showed that the bacterial activity of laboratory formulated sediments during 28 
conditioning was lower than that of natural sediments.  Their studies used a range of bacterial activity 29 
assays (glucosidase, leucine, xylosidase, phosphatase and sulfatase).  Further investigations of 30 
bacterial activity in metal-spiked sediments are necessary to accurately determine the influence of 31 
metal additions on sediment bacteria. 32 
 12
 1 
3.4 Effect of temperature of sediment equilibration 2 
 In previous studies metal-spiked sediments have been equilibrated at various temperatures 3 
ranging from 4 to 25ºC (Di Toro et al., 1990; Berry et al., 1996; Burgess et al., 2000; Hagopian-4 
Schletkat et al., 2001).  Currently it is recommended that sediments utilized for toxicity testing be 5 
stored under cool (4C) conditions, to slow bacterial activity and oxidation processes (ASTM, 1994; 6 
Ingersoll, 1995; USEPA, 2002). 7 
 Figure 7 shows the effect of temperature, room (18-25ºC) or refrigerated (4ºC), on porewater 8 
metal concentrations during the equilibration of metal-spiked BB and GP sediments at pH 7.  In the 9 
BB sediment, the high concentrations of iron displaced into the porewaters remained largely constant 10 
at room temperature and decreased slowly at 4ºC.  For the GP sediments at room temperature, 11 
porewater iron concentrations increased during the equilibration period while those equilibrated at 4ºC 12 
remained near the low initial concentrations.  This was consistent with higher temperatures favouring a 13 
greater rate of bacterially-mediated reductive dissolution of iron(III)-hydroxide phases than oxidation 14 
of porewater iron(II).  Past studies have also observed iron(II) concentrations to increase in sediments 15 
upon storage at 4ºC (Simpson and Batley, 2003). 16 
 The equilibration of the metals Cd, Cu, Ni and Zn occurred more slowly at 4C than at room 17 
temperature (Figure 7b, illustrated with Cd and Zn).  Lower diffusion rates of metals in porewaters, 18 
slower complexation kinetics, and weaker binding to solid phases may all contribute to the higher 19 
porewater concentrations at lower temperatures (Stumm and Morgan, 1996).  Low temperatures will 20 
also decrease iron and sulfate reduction rates (van Cappellen and Gaillard, 1996).  Reductive 21 
dissolution of iron hydroxides as higher temperatures will mobilize metals bound to these phases.  22 
Sulfate reduction, which may occur simultaneously, will immobilization of metals through the 23 
formation of insoluble metal sulfide phases (Simpson et al., 1998). 24 
 25 
3.5 Disturbances to metal partitioning during sample manipulation 26 
 Standard bioassay procedures often involve the oxidation of sediment, either intentionally or 27 
accidentally, as a result of sediment sieving or homogenization (Luoma and Hi, 1993; Ingersoll, 1995).  28 
The effect of homogenizing equilibrated sediments on porewater metal concentrations was 29 
investigated for metal-spiked BB and GP sediments equilibrated at pH 6.5, 7.0, 7.5 and 8.0.  Porewater 30 
iron concentrations measured 24-h following sediment homogenization had decreased by 40-99% of 31 
the concentrations measured before homogenization.  Greater losses occurred for the sediments with 32 
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the higher porewater pH (e.g. for the BB sediment, pH 6.5: 40-71%, 7.0: 45-77%, 7.5: 58-91%, 8.0: 1 
72-93%).  Losses of porewater iron were much greater for the GP sediment (78-99%) than for the BB 2 
sediment (40-93%).  This is probably due low oxygen penetration into the silty BB sediment 3 
compared to the more sandy GP sediment during homogenization (Table 1). 4 
 Losses of Cu, Ni and Zn from the porewaters occurred following sediment homogenization due 5 
to adsorption to freshly formed iron hydroxide precipitates (Simpson and Batley, 2003).  Losses of 6 
metals from porewaters varied greatly but ranges were similar for the BB and GP sediments: Cu 7 
(89±4%, mean±standard deviation), Ni (25±14%) and Zn (19±26%).  Surprisingly, similar percent 8 
losses of each metal were observed, regardless of the length of the equilibration period (1-28 days) 9 
before homogenization.  The degree of loss related to the amount metal initially present in the 10 
porewater, the amount of iron lost during homogenization and the binding strength of the metal with 11 
iron hydroxide phases.  12 
 Following homogenization, porewater Cd concentrations remained largely unchanged for 13 
sediment equilibrated for less than three days (i.e. concentrations high initially), but increased greatly 14 
(280±450%) in sediment equilibrated for >7 days.  The high amounts of Cd release reflected the weak 15 
binding of Cd in the BB and GP sediments.  Following homogenization of the previously equilibrated 16 
sediments, porewater metal concentrations continued to equilibrate at rates similar to those observed 17 
for the freshly added metals.  In general, by allowing small amounts of iron(II) oxidation and iron-18 
hydroxide precipitation to occur by mixing the sediments regularly during the equilibration period, 19 
porewater metal concentrations will become lower at a faster rate than if no mixing were made (i.e. an 20 
apparent faster equilibration). 21 
 22 
3.6 Implications for the development of concentration-response relationships 23 
 The response of an organism to a contaminated sediment is related to the bioavailable fraction 24 
of the total sediment sedimentation (Chapman et al., 1998).  In most cases the most bioavailable 25 
fraction will be the dissolved phase, however for many organisms the major exposure pathway will be 26 
from particulate sources because of the much greater concentrations of contaminants associated with a 27 
ingested particles (e.g. detritus or sediment) (Wang and Fisher, 2000). 28 
 When developing concentration-response relationships, it is desirable that the major exposure 29 
pathways are known.  Likewise, an understanding of the sediment chemistry is important, as this will 30 
effect the bioavailability of the different sediment phases.  In metal-spiked sediments, it is well 31 
recognized that when sufficient reactive sulfide is present, added metals will quickly become 32 
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associated with sulfide phases and porewater metal concentrations will be low (Di Toro et al., 1992; 1 
Berry et al., 1996; Simpson et al., 2000).  However in surface sediments which are oxic or sub-oxic, 2 
the present study shows that the partitioning, and bioavailability, of added metals will depend greatly 3 
on spiking procedures and properties of the sediment and metal added.  Key points are listed below: 4 
 5 
 Air penetration into sediments, e.g. by mixing with oxygenated waters, will promote oxidation 6 
reactions and cause the pH to decrease. 7 
 Addition of metals to sediments will cause the pH to decrease as the metals become hydrolyzed 8 
( e.g. Zn2+ + H2O  ZnOH+ + H+ ;  Cu2+ + 2H2O  Cu(OH)2 + 2H+ ) 9 
 Addition of metals to sediments will cause displacement of iron(II) into the porewaters, which will 10 
subsequently oxidize and hydrolyze resulting in decreases pH and increases in redox potential 11 
(Fe2+  Fe3+ + e- ; Fe3+ + 3H2O  Fe(OH)3 + 3H+ ). 12 
 Where acidity increases are not neutralized, high iron(II) concentrations in the porewaters may 13 
affect the bioavailability of other dissolved metals. 14 
 The neutralization of sediment acidity with NaOH will cause rapid precipitation of porewater 15 
metals as hydroxide phases (hydrous and possibly colloidal) and these phases may be slow to 16 
equilibrate with other sediment phases (e.g. sulfide). 17 
 Equilibration rates of porewater metals vary considerably and are dependent on sediment and 18 
metal properties.  For oxic/sub-oxic sediments (this study), metal spikes of Cd, Cu, Ni and Zn 19 
appeared near equilibrium after 25-45, 10-15, 30-70 and 20-40 days respectively. 20 
 The bioavailability of particulate metals (e.g. acid-soluble metals) decreased during the 21 
equilibration period indicating the metals become more strongly associated with the sediments 22 
with time. 23 
 Acid-volatile sulfide (AVS) concentrations in sediments may increase while sediments are 24 
incubated under anoxic conditions, resulting in metal-sulfide formation and lower porewater metal 25 
concentrations. 26 
 Both additions of metals to sediments and incubation (conditioning) of sediments will cause 27 
changes to bacterial activity.  The effect of these processes is poorly understood. 28 
 Sediments equilibrate more slowly when incubated at 4ºC then at room temperature (18-25ºC) 29 
resulting in high porewater metal concentrations of all metals. 30 
 Disturbances to sediments during sample manipulation will cause iron(II) oxidation and losses of 31 
metals from porewaters. 32 
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 Fluxes of metals to overlying waters will depend on most of the points listed above and will affect 1 
the sensitivity of the test organism to this exposure pathway. 2 
 3 
 Perhaps the most crucial point from this study is the importance of documenting procedures and 4 
carefully measuring and reporting sediment parameters so that contaminant bioavailability and 5 
exposure pathways can be interpreted and organism sensitivity accurately determined.  Too often in 6 
the past, published records have been insufficient to judge the merits of the work. 7 
 8 
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Table 1 1 
Physico-chemical properties of studied sediments 2 
Sediment BB GP SR 
pH 7.1-7.3 7.2-7.4 7.0-7.3 
Redox potential, mV -40±50 -30±50 -10±50 
Particle size (<63, 63-180, 180-600, >600 µm), % 96, 2.3, 1.7, 0 21, 5, 17, 57 32, 3, 53, 12 
Water in wet sediment, % 70.4 45.6 39.8 
Organic carbon (loss on ignition), % 11.8±1.0 4.5±0.5 6.0±0.5 
AVS, µmol/g <0.05 1-2.5 5-10 
Porewater iron, mg/L 3-11 1-3.5 5-10 
Porewater manganese, mg/L 0.5-1 0.08-0.25 0.5-0.08 
Porewater sulfide, µg/L <0.3 <0.3 <0.3 




Figure Captions 6 
Figure 1.  pH changes following the mixing of BB (), GP () or SR () sediments with 7 
















Figure 2.  pH and redox potential (Eh) changes to BB (open symbols) and GP/SR (closed symbols) 1 
sediments following spiking with of copper (), zinc (), magnesium () or sodium (+).  2 





































Figure 3.  Redox potential (Eh, open symbols) and porewater iron (filled symbols) changes to BB 1 
(top), GP (middle) and SR (bottom) sediments equilibrated at pH 8 following spiking with of metals 2 





















































































































Figure 4.  Porewater metals, expressed as percentage of initial concentration.  (a) Porewater zinc 1 
equilibration at pH 6 (), 7 () or 8 () for BB sediment after high (filled symbols) and 2 
medium (open symbols) mixed-metal spikes respectively. (b) Porewater nickel (filled) and zinc (open) 3 
equilibration at pH 6 (), 7 () or 8 () for BB sediment after low mixed-metal spikes. (c) 4 
Porewater nickel (filled) and zinc (open) equilibration at pH 7 for BB (), GP () or SR () 5 

































































































Figure 5.  Porewater metals in BB (), GP () or SR () sediments equilibrated at pH 7 after 1 










































































Figure 6.  Bacterial activity, as measured by enzymic hydrolysis of fluorescence diacetate (FDA) 8 
relative to control (mean) fluorescence.  (a) BB and (b) GP sediments spiked high (,,), medium 9 
(,) or low (,) concentrations of metals and equilibrated at pH 6 (closed symbols), 7 () or 8 10 
























































Figure 7.  Effect of temperature (18-25ºC (filled symbols) or 4ºC (open symbols)) on the equilibration 1 
of sediments spiked with Zn (1 mg/g ) and Ni (0.5 mg/g). (a) porewater iron in BB () or GP () 2 
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